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ABSTRACT: We aim to understand the scale-dependent evolution of uranium bioreduction
during a ﬁeld experiment at a former uranium mill site near Riﬂe, Colorado. Acetate was
injected to stimulate Fe-reducing bacteria (FeRB) and to immobilize aqueous U(VI) to
insoluble U(IV). Bicarbonate was coinjected in half of the domain to mobilize sorbed U(VI).
We used reactive transport modeling to integrate hydraulic and geochemical data and to
quantify rates at the grid block (0.25 m) and experimental ﬁeld scale (tens of meters).
Although local rates varied by orders of magnitude in conjunction with biostimulation fronts
propagating downstream, ﬁeld-scale rates were dominated by those orders of magnitude
higher rates at a few selected hot spots where Fe(III), U(VI), and FeRB were at their maxima
in the vicinity of the injection wells. At particular locations, the hot moments with maximum
rates negatively corresponded to their distance from the injection wells. Although bicarbonate
injection enhanced local rates near the injection wells by a maximum of 39.4%, its eﬀect at the
ﬁeld scale was limited to a maximum of 10.0%. We propose a rate-versus-measurement-length
relationship (log R′ = −0.63 log L − 2.20, with R′ in μmol/mg cell protein/day and L in
meters) for orders-of-magnitude estimation of uranium bioreduction rates across scales.
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been reported in a ﬁeld experiment,26 while its corresponding
laboratory rate with the same culture has been reported to be
43.2 μmol of U(VI)/mg biomass/day.27 Spatial patterns of
subsurface properties that enhance contact among reactants
have been observed to lead to higher ﬁeld-scale bioreduction
rates.28 However, in general, we do not fully understand key
controls of ﬁeld-scale rates.
U(VI) can exist in the aqueous phase and sorb to solid
substrates (both mineral and biopolymer) as U(VI).14
Bicarbonate has been shown to be eﬀective in desorbing
U(VI) from sediments in laboratory experiments29−31 and at
the ﬁeld scale.32,33 The potential coupling of bioreductive
immobilization and bicarbonate-induced desorption of U(VI)
raises a series of intriguing questions. Can bicarbonate-induced
desorption enhance U(VI) bioreduction at the ﬁeld scale? How
do bioreduction rates propagate over time and across scales?
What are the key controls at the ﬁeld scale?
Here we answer these questions using the 2010 biostimulation experiment at the U.S. Department of Energy (DOE)
Integrated Field Research Challenge (IFRC) site near Riﬂe,

INTRODUCTION
Uranium is a common contaminant and can exist in highly
soluble form as U(VI) or as sparingly soluble U(IV) in
subsurface environments.1,2 The microbe-mediated reduction
of U(VI) to U(IV) can immobilize U(VI) and therefore
mitigate its further migration.3 Rates of uranium bioreduction
have been measured extensively in laboratory systems and have
been reported to depend on various biogeochemical factors,
including concentration and types of inhibitors,4,5 ligands,6,7
electron acceptors and donors,3,8−11 and bacterial species.3,12
In natural soils and sediments, chemical species undergo
complicated hydrological, geochemical, and biogeochemical
processes.13−15 Biogeochemical reaction rates at any particular
local location are dictated by the local (bio)geochemistry,
including the availabilities of electron donors, acceptors, and
competitors, which in turn depend on the ﬂow and transport
processes.4,16−18 At larger scales, the rates are collectively
determined by the local rates and depend on the distribution of
physical and geochemical properties such as porosity,
permeability, and mineral composition.19,20 In comparison to
laboratory work, fewer studies have examined the controlling
factors that determine ﬁeld scale rates.21−25 One consistent
observation has been that ﬁeld-scale rates are signiﬁcantly lower
than those measured in laboratories. For example, the uranium
bioreduction rate of 1 μmol of U(VI)/mg biomass/day has
© 2014 American Chemical Society
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Figure 1. (A) Well layout for the 2010 Riﬂe ﬁeld experiment. The wells include background wells (ﬁlled squares, CU01−CU04), bicarbonate
injection wells (open triangles, CA01−CA03), acetate/bromide injection wells (open diamonds, CG01−CG10), and monitoring wells (ﬁlled circles,
CD01−CD17). The gray area indicates the approximate bicarbonate injection zone (BIZ) that is the direct down gradient of the bicarbonate
injection wells CA01−CA03. The white area within the dashed line stands for no bicarbonate injection zone (NBIZ). (B) Schedule and rates of
bicarbonate injection (solid line) and acetate/bromide injection (dashed line) during the experiments. Arrows indicate the days (0, 12, 23, 36, and
48) when spatial proﬁles of key species are plotted later on. Sodium bicarbonate injection started on day 5, with a stop between days 17 and 19, and
resumed until day 29. It was injected at a tank concentration of 0.05 mol/L, with an injection rate targeting a 2-fold decrease in concentration upon
aquifer amendment. Its injection started before acetate injection so as to mobilize the adsorbed U(VI) for bioreduction. A mixture of sodium acetate
(0.05 mol/L) and sodium bromide (0.02 mol/L) was injected from day 13 to 27, which overlapped with the bicarbonate injection. The second
acetate injection was from day 33 to 43, when the bicarbonate injection ended.

of the injection wells (gray zone in Figure 1), hereafter referred
to as the “bicarbonate injection zone” (BIZ), in contrast to the
“no bicarbonate injection zone” (NBIZ). Prior to the
amendment, slug tests were conducted to measure the
hydraulic conductivity. Groundwater samples were collected
during the experiment for the analysis of aqueous composition.
These data served as constraints for the reactive transport
model.
Overview of the Model Integration Method. The
integration method involves using data from slug tests and a
geostatistical method to obtain an initial distribution of
hydraulic conductivity, a probability model that inversely
correlates hydraulic conductivity and the initial “bioavailable”
Fe(III) spatial distribution. Inverse reactive transport modeling
was carried out to determine the controlling parameters that
best ﬁt the tracer and geochemical breakthrough data in
multiple wells. After that the spatiotemporal evolution of
aqueous and solid species were generated to understand the
processes at diﬀerent spatial scales from the local grid block
scale of 0.25 m to the scale of the domain at approximately 10
m.
Spatial Distribution of Hydraulic Conductivity and
Fe(III) Content. Hydraulic conductivity was measured at 26
locations using slug tests41 and varied more than 1 order of
magnitude, with a maximum of 21.6 m/d at CG05 and a
minimum of 0.9 m/d at CD02. To obtain values for locations
without data, krigging was performed using Tecplot (Tecplot,
Inc.). For each point without data, the hydraulic conductivity
was calculated from a weighted linear combination of the
source data, taking into account all 26 data points.42−44 Details
of the krigging method and the original hydraulic conductivity
data are in Table S2 (Supporting Information).
The bioavailable iron content is important because Fereducing bacteria are believed to be the primary agents of
enzymatic U(VI) reduction following acetate injection at the
Riﬂe site.45 As suggested by detailed analysis, Fe(III) phases in
Riﬂe sediments include Fe oxides, with a substantial proportion
being goethite and small percentages (∼5%) of ferrihydrite.39

Colorado (USA). The Riﬂe site was formerly a uranium ore
processing facility and is contaminated with uranium at the
micromolar level. Multiple biostimulation experiments have
been performed at the site.21,34−36 Although uranium has been
observed to be reduced by sulfate-reducing bacteria (SRB) at
other sites,18 at the Riﬂe site it has been found to primarily
result from the enzymatic activity of Fe-reducing bacteria
(FeRB)34,35 and to a lesser extent its interactions with reduced
sulfur species.37 During the 2010 experiment, acetate was
injected into the whole experimental domain to stimulate the
uranium bioreduction while bicarbonate was injected into half
of the domain to evaluate its eﬀect on enhancing bioreduction
at the ﬁeld scale. The hydrological and aqueous geochemistry
ﬁeld data were integrated using a reactive transport model to
understand the temporal and spatial evolution of bioreduction
from the grid block scale (0.25 m) to the ﬁeld domain (tens of
meters).

■

MATERIALS AND METHODS
Riﬂe Integrated Field Research Challenge (IFRC) Site
and the 2010 Field Experiment. Comprehensive descriptions of the Riﬂe site have been presented elsewhere.21,34,35,38
Brieﬂy, shallow groundwater at the site is contaminated with
uranium at a concentration of 0.2−1.5 μM, which is higher than
the U.S. Environmental Protection Agency’s (EPA) drinking
water standard (0.126 μM). Important aqueous species include
calcium, magnesium, chloride, sulfate, and bicarbonate, as given
in Table S1 (Supporting Information). The sediments include
both gravels and cobbles as coarse-grained materials and ﬁnegrained silt and clay. The minerals include quartz, calcite, clays,
and various iron-containing minerals (goethite, hematite, and
magnetite).39
The 2010 experiment combined bicarbonate amendment for
U(VI) desorption and acetate amendment for U(VI)
bioreduction.40 The well map and injection history are shown
in Figure 1. As evidenced by the appearance of the conservative
tracer deuterium (data not shown), the impact of the
bicarbonate injection was primarily in the region down gradient
10117
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Figure 2. Initial spatial distribution of (A) hydraulic conductivity (m/d) inferred from measured data and (B) bioavailable Fe(III) content (μmol/g
sediments) obtained by using average bioavailable iron content and a negative correlation with hydraulic conductivity. Also shown are background
wells (ﬁlled squares), bicarbonate injection wells (open triangles), acetate/bromide injection wells (open diamonds), and monitoring wells (ﬁlled
circles). The hydraulic conductivity and bioavailable Fe(III) show an inverse pattern, as assumed in the probability model.

52 secondary species calculated on the basis of the laws of mass
action (Table S3, Supporting Information).
Complex biogeochemical reactions occurred during the
biostimulation experiments. The driving forces of the system
are the microbe-mediated bioreduction of Fe(III), U(VI), and
sulfate.34,36,51 Using bacterial energetics as outlined in Rittmann
and McCarty,51 these reactions are written as

The Fe(III) phases were observed to closely associate with lowpermeability clay-rich samples. As such, we assumed a negative
correlation between the iron content and hydraulic conductivity
and used goethite as the representing Fe(III) mineral in Febioreduction reaction. As has been done in previous studies,24
the initial distribution of the bioavailable Fe(III) was
determined on the basis of the distribution of hydraulic
conductivity and a probability model (Supporting Information).
The Fe(III) content used here, however, represents the total of
“all” bioavailable forms, not just goethite. Similarly, the Fe(III)
bioreduction rate reﬂects more the “average” rates of all Fe(III)
minerals instead of just goethite. The bioavailable Fe(III)
distribution in Figure 2 exhibits an inverse pattern of hydraulic
conductivity, as expected from their negative correlation.
Reactive Transport Modeling (RTM). The coupled ﬂuid
ﬂow, mass transport, and biogeochemical processes were
simulated using the widely used reactive transport code
CrunchFlow in various earth and environmental science
applications.46−48 CrunchFlow partitions aqueous species into
primary and secondary species.49 The primary species
constitutes a critical set of species upon which the
concentrations of secondary species can be written through
the mass action laws of instantaneous reactions. The mass
conservation equations together with the laws of mass action
were solved for the spatiotemporal evolution of all species.50 A
typical mass conservation equation for a primary species j is
written as
∂(ϕCj)
∂t

Nr

= ∇•(D∇(ϕCj) − uCj) −

FeOOH(s) + 1.92H+ + 0.033NH4 + + 0.208CH3COO−
→ Fe2 + + 0.033C5H 7O2 N(FeRB) + 0.250HCO3− + 1.600H 2O
(2)
SO4 2 − + 1.082CH3COO− + 0.052H+ + 0.035NH4 +
→ 0.035C5H 7O2 N(SRB) + 0.104H 2O + 2HCO3− + HS−
(3)

UO2 2 + + 0.067NH4 + + 0.417CH3COO− + 0.8H 2O
→ UO2 (s) + 0.067C5H 7O2 N(FeRB) + 0.5HCO3− + 2.15H+
(4)

In these equations, C 5 H 7 O 2 N (FeRB) and C 5 H 7 O 2 N (SRB)
represent the biomasses of FeRB and SRB, respectively. The
yield coeﬃcient of a speciﬁc bacterium can vary by an order of
magnitude, depending on the growing conditions.51,52 The
typical range is 0.03−0.57 mol of biomass/mol substrate for
Geobacteraceae.52−55 Here we chose 0.16 and 0.03 mol
biomass/mol substrate for FeRB and SRB, respectively, to be
consistent with literature values.56 At the micromolar level,
uranium toxicity was considered negligible and its bioreduction
followed the Monod model,57 similar to those of Fe(III) and
sulfate:58,59

Nm

∑ vjrR r−

∑ vjmR m

r=1

m=1

(1)

Here ϕ is porosity (m3 of water/m3 porous media), Cj is the
aqueous concentration (mol/m3 water), D is the diﬀusion/
dispersion coeﬃcient (m2/s), u is the Darcy ﬂux that is equal to
the product of porosity and ﬂow velocity (m/s), Nr is the total
number of kinetic aqueous reactions that involve j, vjr is the
stoichiometric coeﬃcient of j associated with the reaction r, Rr
is the rate of aqueous reaction r (mol/m3 porous media/s), Nm
is the total number of kinetic mineral reactions that involve
species j, vjm is the stoichiometric coeﬃcient of j in reaction m,
and Rm is the rate of mineral reaction m (mol/m3 porous
media/s). This equation explicitly includes the diﬀusion/
dispersion, advection, and multiple reactions and can diﬀerentiate the contribution of individual processes. A total of 23
equations were solved for the 23 primary species, with another

RFe(III) = −k max,Fe(III)XFeRB
×

C Fe(III)
KM,Fe(III) + C Fe(III)

R sulfate = −k max,sulfateXSRB
×
10118

Cacetate
KM,acetate + Cacetate
(5)

Cacetate
KM,acetate + Cacetate
KI,Fe(III)

Csulfate
KM,sulfate + Csulfate KI,Fe(III) + C Fe(III)

(6)
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Cacetate
KM,acetate + Cacetate

and SRB were considered to exist ubiquitously initially,
occupying 10−4 solid volume percentage. This corresponds to
a cell density between 3 × 105 and 9 × 106 cells/mL the
sediment [Dr. Aaron Peacock, personal communication],
within the typically reported cell density range of 104−107
cells/mL of the sediment.
Average Uranium Bioreduction Rates. The local grid
block scale rates were directly calculated from the RTM. At the
intermediate and ﬁeld scale, precipitated U(IV) (μmol/g
sediment) was used to estimate the bioreduction rates
according to eq 8:

C U(VI)
KM,U(VI) + C U(VI)

(7)

Here each rate depends on the maximum rate constant kmax
(mol/(L/s/cell)), the amount of bacteria XFeRB and XSRB
(cells), and the concentrations (mol/L) of the electron donor
acetate Cacetate and acceptor (TEA) through the dual Monod
terms with their respective half-saturation constants KM,acetate
and KM,TEA (mol/L). Sulfate reduction was assumed to be
inhibited by Fe(III) oxides through the inhibition term because
of the lower energy yield from sulfate reduction in comparison
to that of Fe(III) reduction.60−62 At the Riﬂe site, with acetate
being the electron donor, uranium bioreduction largely
depends on Fe-reducing bacteria, which in turn depends on
local concentrations of Fe(III)-containing minerals and acetate.
Existing work has shown that inhibition of U(VI) bioreduction
by Fe(III) occurs when ferrihydrite is the abundant Fe(III)
mineral and when the U(VI) concentration is relatively high.63
At the Riﬂe site, ferrihydrite only occupies a small percentage
(∼5%) of Fe(III) minerals39 and the U(VI) concentration is at
the micromolar level, 3 orders of magnitude lower than the
lowest concentration used in experiments where the inhibition
eﬀects were observed. As such, inhibition of U(VI)
bioreduction by Fe(III) was not included. In addition, U(VI)
and Fe(III) bioreduction were observed to occur concomitantly
at the Riﬂe site.34 The abiotic reductions of U(VI) and Fe(III)
by sorbed Fe(II) species64−66 were not included because these
reactions were found to be negligible in natural sediments,
especially in those with low Fe content (1−5 wt % of Fe),66−68
which is the case at Riﬂe.
The products of microbe-mediated reactions lead to mineral
dissolution and precipitation and aqueous speciation reactions.
The injectates also induce reactions including surface complexation, ion exchange, and aqueous speciation. Details of the
reactions, kinetic rate laws, and thermodynamic information are
documented in Table S4 (Supporting Information). All other
aqueous speciation reactions are detailed in Tables S5 and S6
(Supporting Information). In total, 75 species and 69 reactions
were included.
Numerical Procedure. Two-dimensional simulations were
carried out within a 16 m × 15 m square domain, with a total of
3840 (64 × 60) grid blocks and a resolution of 0.25 m × 0.25
m. The ﬂow ﬁeld was calculated using the distribution of
hydraulic conductivity and a constant pressure gradient that
gave an average ﬂow velocity of approximately 0.30 m/d as
reported for the Riﬂe site.34,69 Permeability values were updated
every time step on the basis of the porosity alteration resulting
from biomass growth and mineral reactions. However, the
porosity alteration on the order of 0.002 had negligible eﬀects
on hydraulic conductivity due to the relatively short duration of
acetate injection. A dispersivity value of 0.20 m suﬃciently
reproduced the bromide data through inverse transport
modeling.
Measured background concentrations were used as the initial
and boundary conditions (Table S1, Supporting Information).
We explicitly modeled the growth of the microbial communities
FeRB and SRB, according to reactions 2−4. Bacteria were
assumed immobile because the majority of the cells were
observed to attach to the sediments either in the form of
bioﬁlms or as separate microbial colonies.51,70,71 Both FeRB

1
M w,U(IV)

C U(IV), t j =

N

∑i = 1 ϕU(IV), i , t ρU(IV)

N
∑i = 1 (1

j

− ϕi , t )ρsediment
j

C U(IV), t j+1 − C U(IV), t j

RU(IV), t j =

tj+1 − tj

(8)

where N is the number of grid blocks within the area of interest,
tj is the speciﬁc time, ϕU(IV),i,tj and ϕi,tj (volume/total porous
medium volume) are the volume fractions of precipitated
U(IV) (in the form of uraninite UO2(s)) and porosity in the
grid block i at time tj, respectively, and ρU(IV), MW,U(IV), and
ρsediment are the density (10.97 g/cm3) and molecular weight of
uraninite (270.03 g/mol), and sediment density (2.65 g/cm3),
respectively. Therefore, C U(IV), t j is the solid U(IV) concentration averaged over the area of interest (mol/g sediment) at
time tj. RU(IV),tj is the corresponding averaged rate of U(VI)
bioreduction (mol of U(VI)/g sediment/day). Because the
rates also depend on the amount of biomass, we alternatively
calculate the rates normalized by the FeRB cell protein
according to
R′U(IV), t j =

C U(IV), t j+1 − C U(IV), t j
(t j + 1 − t j )

(C FeRB, t j + 1 + C FeRB, t j )
2

where
C FeRB, t j =

1
N
∑i = 1 XFeRB, t j
αFeRB
N
∑i = 1 (1 − ϕi , t )ρsediment
j

(9)

Here C FeRB, t j is the averaged concentration of FeRB at time tj
(mg of FeRB/g sediment), XFeRB,tj is the cell density at time tj
(cells/cm3 sediment). The conversion factor αFeRB of 2.5× 1012
cells/(g FeRB cell protein) was assumed to convert the cell
numbers into cell proteins.72 Therefore, R′ is a rate normalized
by the amount of cell protein and does not depend on
microbial abundance.

■

RESULTS AND DISCUSSION
Breakthrough Curves. The modeling outputs and breakthrough data from six monitoring wells in the NBIZ and BIZ
are compared in Figure 3. The other 11 monitoring wells are at
similar levels of agreement between data and model output and
are not shown for the sake of conciseness. The model
reproduced the time when the pulses of injected constituents
arrived. The data−model disagreement in some wells, for
example, for acetate in well CD16, is likely due to the
10119
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Figure 3. Comparisons of bromide, sodium, acetate, uranium, and calcium breakthrough data (circles) with the modeling output (lines) from three
monitoring wells in the no-bicarbonate injection zone (CD01, CD04, and CD05 in NBIZ) and three wells in the bicarbonate injection zone (CD14,
CD16, and CD17 in BIZ). Aqueous concentrations of sodium, uranium, and calcium were much higher in the BIZ wells than in the NBIZ wells due
to the addition of sodium bicarbonate and the induced desorption and ion exchange reactions. The model captured the up and down of
concentrations during and after the injection period.

analysis,76 to name just a few. Calcium concentrations increased
ﬁrst due to the ion exchange with the injected sodium and
decreased later due to calcite precipitation.
Although not shown here, sensitivity analysis indicated that
the sodium breakthrough was largely determined by equilibrium constants of ion exchange reactions and that acetate
breakthrough was controlled by the rates of iron and sulfate
bioreduction. The increase of U(VI) during the bicarbonate
injection stage was determined by the surface complexation,
while the later decrease upon acetate injection was controlled
by the U(VI) bioreduction kinetics, similar to the observations
in the in situ U(VI) bioremediation experiments at the Oak
Ridge site.18 The early peak of calcium was governed by ion
exchange, and the later decrease was controlled by calcite
precipitation kinetics.
Spatial and Temporal Evolution at the Local Scale.
The dynamic interactions between the biogeochemical
reactions and transport are illustrated in Figure 4 using the
injectate proﬁles at diﬀerent experimental stages. The plume of
total inorganic carbonate (TIC) was formed near the
bicarbonate injection wells on day 12, 7 days after the injection
started. Over time the plume expanded downstream with
increasing concentration until day 27 upon the stop of the
injection. After that the plume continued to expand; however
this occurred with decreasing peak concentration due to its
migration to a larger area and calcite precipitation. Although the

uncertainty associated with the inferred spatial distribution of
properties based on limited data points.
The good ﬁt between data and modeling output for multiple
species indicates that the model has captured the system
dynamics, which constrained the estimation of aqueous species,
mineral precipitates, and biomass. The model ﬁt to the
nonreactive bromide data conﬁrmed the reasonable distribution
of hydraulic conductivity. Given the fact that all injectates
contained sodium, sodium concentrations increased signiﬁcantly and reached as high as 0.041 mol/L. Acetate was injected
at a concentration higher than that of bromide. However, its
peak was much smaller due to its consumption by bacteria. The
U(VI) concentration during bicarbonate injection increased
much more in the BIZ than that in the NBIZ due to the
desorption from the solid phases. The rapid decrease of U(VI)
concentrations upon acetate injection indicates the occurrence
of bioreduction. This was conﬁrmed by comparing two
simulation cases that included and excluded U(VI) bioreduction. Although not shown here, the case without U(VI)
bioreduction showed negligible decrease in U(VI) concentration upon acetate injection. In addition, a large body of
literature has conﬁrmed the occurrence of U(VI) bioreduction
products, including iron sulﬁdes, biogenic UO2(s), and
biomass-bound monomeric U(IV),73 at the Riﬂe site. The
techniques used include molecular-scale spectroscopic observations,37,74 isotopic fractionation analysis,75 and microbial
10120
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Figure 4. Predicted spatial and temporal evolution of all injectates and aqueous U(VI) species, including total inorganic carbon (TIC), acetate,
bromide, sodium, total aqueous U(VI), and Ca2UO2(CO3)3(aq). Sodium bicarbonate was injected starting on day 5, while sodium acetate and
sodium bromide were injected starting on day 12. The diﬀerence between acetate and bromide indicates the amount of acetate consumption by
microbe-mediated redox reactions. Ca2UO2(CO3)3(aq) was the dominant aqueous U(VI) species, which typically occupied 60.5−80.0% of the total
U(VI).

such that the sodium plume was more similar to the TIC
plume.
Figure 4 shows the proﬁles of total aqueous U(VI) and
Ca2UO2(CO3)3(aq) in the last two rows. The bicarbonate
injection mobilized U(VI) from the sediment, which generated
a U(VI) plume in the immediate down gradient of the
bicarbonate wells on day 12. No such plume was formed in
NBIZ. Over time this plume migrated to the down gradient
regions. At later times, the acetate-stimulated FeRB bioreduced
U(VI), resulting in a U(VI) depletion area direct down gradient
of the acetate injection wells. Consistent with previously
reported U(VI) speciation,45,77,78 Ca2UO2(CO3)3(aq) was
dominant among the 23 U(VI)-containing species (Table S3,
Supporting Information), occupying 60.5−80.0% of total
U(VI). The Ca2UO2(CO3)3(aq) plume was therefore similar
to that of total U(VI).
Proﬁles of solid phases, FeRB, and bioreduction rates are
shown in Figure 5. During acetate injection, the Fe(III)
bioreduction rate increased considerably from day 12 to 36.

bioreduction reactions also generated bicarbonate, the concentration was so much lower than that of injected bicarbonate
that this was not obvious from the proﬁles of NBIZ.
The injection of acetate and bromide started on day 12. To
compare the dynamics of these two simultaneously injected
species, the color scale was carefully chosen to reﬂect their mole
ratio in the injected mixture. In this way, if acetate was as
nonreactive as bromide, its plume should look very similar to
the bromide plume. The diﬀerence in the two plumes was the
result of the bioreduction reactions. On day 23, the two plumes
were still similar, indicating a latency of the bioreduction
limited by the slow biomass accumulation early on. At later
times, while bromide migrated down gradient covering a large
region, acetate was quickly consumed, leading to a much
smaller plume with much lower concentrations. Because all
injected reagents involved sodium, sodium proﬁles resembled
the summation of bicarbonate and bromide proﬁles, except that
some sodium was consumed by ion exchange. Bicarbonate
injection heavily outpaced the injection of acetate and bromide
10121
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Figure 5. Predicted spatial and temporal proﬁles of bioavailable Fe(III), Fe(III) bioreduction rates, FeRB, adsorbed U(VI), U(VI) bioreduction rates
(R and R′), and reduced U(IV) in the form of UO2(s). The bioreduction rates and the FeRB are characterized by a few “hot spots” immediately
down gradient of the injection wells, where the rates and biomass concentrations were orders of magnitude higher than those in the rest of the
domain.

The proﬁles of Fe(III) bioreduction rates highlights a few hot
spots with 1−2 orders higher rates in comparison to those in
the rest of the domain. The hot spots were close to the
injection wells, where acetate concentrations were high, which
triggered abundant FeRB growth. Although FeRB continued to
grow, the reduction rates decreased on day 48 after the acetate
injection stopped. Comparison of the initial Fe(III) concentration in the BIZ and NBIZ shows that the Fe(III) originally in
the BIZ was 36.5% higher than that in the NBIZ, leading to
higher Fe(III) bioreduction rate and more FeRB in general.
Before the bicarbonate injection, adsorbed U(VI) positively
correlated to bioavailable Fe(III), with U(VI) mainly adsorbed

onto clay and iron oxide surfaces having larger surface area and
lower permeability. On day 12, sorbed U(VI) concentration
decreased in regions close to the bicarbonate injection wells,
indicating the desorption and migration of U(VI). This
corroborated the U(VI) increase in Figures 3 and 4. This
depletion zone continued to expand due to desorption and later
bioreduction. Interestingly, although desorption occurred
earlier in the BIZ, desorption also occurred in the NBIZ at
later times, as indicated by the disappearance of the red zone in
the NBIZ. This U(VI) desorption was induced by bioreduction,
which lowered aqueous U(VI) concentrations.
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Figure 6. Evolution of bioreduction rates in six diﬀerent observation zones and the entire domain. (A) Location of the three pairs of observation
windows with diﬀerent distances to the injection wells. (B) Temporal evolution of the average bioreduction rates in each observation zone (R, in
μmol/g sediments/d). (C) Evolution of the average bioreduction rates in each observation zone normalized by the amount of cell protein (R′, in
μmol/mg cell protein/d). (D) Cumulative U(IV) concentration in each zone (μmol/g sediments). Temporal evolution in BIZ and NBIZ for (E)
FeRB (cells/g sediments), (F) U bioreduction rates (R, in μmol/g sediments/d), (G) U bioreduction rates for BIZ and NBIZ (R′, in μmol/mg of
cell protein/d), and (H) cumulative bioreduced U(IV) concentration for BIZ and NBIZ (μmol/g sediments).

biomass (in units of mg of cell protein), R′, in the two zones
diﬀered by a maximum of 39.4% (Figure 6C). This indicates
that the bicarbonate injection temporally enhanced the U(VI)
desorption early on. Its long-term eﬀects on U(VI)
bioreduction, however, were almost negligible, likely owing to
the ﬁnite supply of sorbed U(VI) extractable through
bicarbonate addition. Figure 6D shows the faster and larger
amount of U(IV) accumulation close to the injection wells in
comparison to other locations, emphasizing the importance of
hot spots in determining larger scale rates.
At the ﬁeld scale, the eﬀect of bicarbonate injection became
even less pronounced. While close to the injection wells the
bicarbonate injection led to a maximum of 39.4% diﬀerence in
bioreduction rate R′ on day 23, this eﬀect was attenuated into a
maximum of 10.0% at the ﬁeld scale on the same day. Figure 6E
shows that the biomass in the BIZ almost doubled that of the
NBIZ at the end of experiment. However, ﬁeld scale U(IV)
precipitation rates in units of μmol/g sediment/day and in units
of μmol/mg cell protein/day were only slightly higher in the
BIZ than in the NBIZ (Figure 6F,G), presumably because
U(VI) bioreduction was not limited by the amount of available
FeRB. Instead, it was limited by the available U(VI) at the
micromolar level. The bicarbonate injection temporarily
“washed out” the desorbed U(VI) from the solid phase.
However, in the long term, it was the up gradient background
groundwater that continuously provided aqueous U(VI), which
was similar for both the BIZ and NBIZ. Our calculations show
that the total desorbed U(VI) was only 21.3% of the total
amount of reduced U(VI), indicating a relatively minor impact
on U(VI) bioreduction at the ﬁeld scale. The similarity between
the ﬁeld scale and the intermediate scale curves of the
observation zones 1 and 2 emphasizes the dominance of rates
close to the injection wells.
Uranium Bioreduction Rates across Scales. Uranium
bioreduction has been extensively studied using batch reactors
and columns with pure cultures and natural microbial samples.
To a much lesser extent, bioreduction rates have also been

Similar to that of Fe(III) bioreduction rates, the proﬁles of
U(VI) bioreduction rates and the precipitated UO2(s) highlight
the hot spots close to the acetate injection wells where electron
donor, acceptor, and bacteria concentrations were at their
maxima. Although the front of the injected plume migrated
across the domain (Figure 4), the location of the hot spots
remained ﬁxed, emphasizing the importance of coexistence of
all participating components. The U(IV) accumulation rates
were higher in the BIZ than those in the NBIZ on days 23 and
36. This diﬀerence decreased temporally, as observed by similar
bioreduction and U(IV) accumulation rates at later times.
Interestingly, the temporal evolution of the biomass-normalized
rates R′ (μmol/mg cell protein/d) was diﬀerent from that of R
in μmol/g sediments/d. The normalized R′ was in general
higher on day 23 than on day 36, largely because the
concentrations of uranium were higher (Figure 4) on day 23.
On day 36, U(VI) concentrations were much lower due to
consumption by more abundant FeRB at later time.
Evolution of Uranium Bioreduction at the Intermediate and Field Scales. To understand the eﬀects of
bicarbonate injection on U(VI) bioreduction rates, we chose
three pairs of observation zones with the same total area of 6
m2. They are located at 1.25 m down gradient of the injection
wells (1, 2), 4.25 m down gradient (3, 4), and 7.25 m down
gradient (5, 6), as shown in Figure 6A. For each pair, one is in
the BIZ and the other is in the NBIZ. As can be observed from
Figure 6B,C, the average bioreduction rates are generally higher
and reach their maxima earlier close to the injection wells
(zones 1 and 2) in comparison to those in other zones because
acetate arrived earlier at higher concentrations (Figure 4). In
locations more down gradient, the acetate arrived later at lower
concentration, leading to varying location of the “hot
moments”. Within each pair, the rates R (in (μmol of reduced
U(VI))/g sediment/d) in the BIZ were consistently larger than
those in the NBIZ, with the largest diﬀerence being 57.9% on
day 23 close to the injection wells. With the diﬀerent biomass
abundances in the two zones, the rates normalized by the
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examined in ﬁeld experiments (individual wells).17,18,22 To put
the rates from this work in the context of others, we deﬁne
several length scales. For the rates from well-mixed batch
reactors, the length scale is the radius of cells on the order of
10−6 m. In contrast, if the bioreduction rates are calculated by
averaging over a certain area, the length scale is the scale of the
observation window. Here the local scale is in tens of
centimeters and the ﬁeld scale is in tens of meters. Figure 7

Environmental Implications. This work assessed the
scale-dependent evolution of uranium bioreduction rates in the
heterogeneous subsurface during a ﬁeld biostimulation experiment in 2010. The results show that acetate injection perturbed
the subsurface and generated hot spots characterized by orders
of magnitude higher rates in comparison to those in the rest of
the domain. These hot spots typically occur close to the
injection wells, where all reacting components exist at
maximum concentrations. The arrival times of the hot
moments for particular locations increase with increasing
distances from the injection wells due to the requisite travel
time. The characteristics of the hot moments and hot spots,
however, depend largely on the reactive nature of the
biogeochemical systems. For example, the occurrence of the
close-to-well hot spots, to a certain extent, is largely due to the
fast-degrading nature of acetate as an electron donor; a slowdegrading donor may lead to hot spots much more distal from
the injection wells, as has been observed for the injection of
emulsiﬁed vegetable oil in an U(VI)-contaminated aquifer.17,25
At Riﬂe, the Fe(III) minerals contain both Fe oxides and those
associated with clay. If the Fe(III) minerals are less available
with lower reactivity, the hot spots are also likely to occur much
farther away from the injection wells.
The results show that the bicarbonate injection did enhance
local U(VI) bioreduction rates temporarily and locally,
consistent with other observations.86 However, its eﬀect at
the ﬁeld scale and over longer time scales is relatively small (a
maximum of 10.0%). The U(VI) desorption through
bicarbonate injection represents an increase of only 21.3% of
the total reduced U(VI) over the total biostimulation period of
38 days, with local rates in hot spots dominating rates at the
ﬁeld scale. As a result, even though some local rates may be
similar to those measured in well-mixed batch reactors, ﬁeld
scale rates are much smaller, given volumetric averaging over a
much larger domain.

Figure 7. Compiled uranium(VI) bioreduction rates in units of μmol/
mg cell protein/d. The dashed line shows the log−log rate dependence
on the measurement length scale. The error bars are based on the
range of the FeRB cell density from 3 × 105 to 9 × 106 cells/mL of the
sediment in natural environments.23

summarizes the calculated “maximum” bioreduction rates
during the active bioreduction period on the basis of literature
data (calculation details in Table S7, Supporting Information).
As shown in Figure 7, the batch reactor rates are 1−5 orders
of magnitude higher than those at the local and ﬁeld scales. The
rates obtained in this work are in good agreement with
previously reported values.27,39 This is because rates of pure
cultures at the batch reactor scale often reﬂect the bioreduction
potentials of certain bacterium at full functioning. In subsurface
environments, however, diﬀerent electron donors selectively
stimulate bacteria species with diﬀerent kinetics17,18,76 and the
rates often reﬂect the average bioreduction capability of
bacterial communities. In addition, at the ﬁeld scale, the
biogeochemical conditions, including the concentrations of
electron donors and acceptors, are typically dictated by the
heterogeneous spatial distribution of ﬂow and transport
properties that determine the extent of mixing, as has been
extensively reported.79−81 These biogeochemical environments
are substantially diﬀerent from laboratory conditions, often
leading to orders of magnitude lower microbial activity and
rates.23,82 The scaling eﬀects, however, are not merely a result
of spatial heterogeneity. Even in homogeneous systems, rates
decrease due to the decreasing level of mixing with increasing
length scale. This trend of decreasing rates with increasing
length scale has been similarly observed for chemical
weathering rates and has been extensively discussed in the
geochemical community.83,84 Navarre-Sitchler and Brantley
proposed to use the resolution of measurement to quantify the
scale dependency of basalt weathering and obtained a similar
dependence of rates on spatial scales.85 The log R′ versus log L
relationship in Figure 7 provides an orders-of-magnitude
estimation of uranium bioreduction rates at diﬀerent scales.
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